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ABSTRACT. This paper introduces the field of mixture toxicity and the challenges in regulating pesticide
mixtures. Even though pesticides are unique chemical stressors designed to have biological activity that can affect
a number of nontarget species, they are intentionally placed into the environment in large quantities. Currently,
methods and terminology for evaluating mixture toxicity are poorly established. The most common approach used
is the assumption of additive concentration, with the concentrations adjusted for potency to a reference toxicant.
Using this approach, the joint action of pesticides that have similar chemical structures and modes of toxic action
can be predicted. However, this approach and other modeling techniques often provide little insight into the
observed toxicity produced by mixtures of pesticides from different classes. Particularly difficult to model are
mixtures that involve a secondary toxicant that changes the toxicokinetics of a primary toxicant. This may result
in increased activation or a change in the persistence of the primary toxicant within the organism and may be
responsible for a several-fold increase or decrease in toxicity. At present, the ecological effects caused by
mixtures of pesticides are given little consideration in the regulatory process. However, mixtures are being
considered in relation to human health in the pesticide registration process, setting a precedent that could be
followed for ecological protection. Additionally, pesticide mixtures may be regulated through toxicity testing of
surface water under the Clean Water Act. The limits of our basic knowledge of how mixtures interact are
compromising both these avenues for regulating mixtures. We face many challenges to adequately protecting the
environment from mixture toxicity; these challenges include understanding the interactions of toxicants within an
organism, identifying the mixtures that most commonly occur and cause adverse effects, and developing a
regulatory structure capable of minimizing environmental impacts.

INTRODUCTION

single group of chemical stressors, namely pesticides.

Ecological risk assessments and regulatory standards
typically apply to the effects of single stressors on
ecosystem components. However, organisms in the
environment often experience many stressors
simultaneously, including those of a physical,
biological, and chemical nature. There are many
challenges in dealing with the interactions of multiple
stressors. For example, how do we compare the
interactions among a biological stressor such as an
exotic species, a physical stressor such as
sedimentation, and a chemical stressor such as a
pesticide? This workshop was organized to address the
issues associated with multiple stressors to wildlife
species. Most of the papers in this session discussed
issues associated with large-scale stressors such as
acid rain coupled with habitat fragmentation or global
climate change. This paper will take a more narrow
view of environmental stressors by focusing on a

The objectives of this paper are to introduce some basic
terminology used in toxicology, including the mode of
toxic action and the models generally used in these types
of mixture assessments; to review the pesticide literature
on mixture studies; to discuss the status of current
environmental regulations governing mixture effects; and
to provide a list of what we consider to be the major
challenges in working with pesticide mixtures. To
simplify the review, we have chosen to restrict our
discussion primarily to aquatic systems.

1

Pesticides are unique chemical stressors in that they
are designed to have biological activity but are
intentionally placed into the environment in large
quantities. In the United States alone, 4.14 x 108 kg of
conventional pesticides, e.g., herbicides, insecticides,
fungicides, and nematicides, containing approximately
1290 registered active ingredients were applied in
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1999 (Donaldson et al. 2002). In addition, the coapplication of active ingredients is common. For
example, 89% of the field corn grown in the United
States in 2002 was treated with herbicides and 24%
with insecticides. In cotton production, 85–100% of
acreage was treated with herbicides, 53–100% with
insecticides, and up to 20% with fungicides. Many
fruit and vegetable crops receive even higher pesticide
concentrations, and multiple active ingredients from a
pesticide group are often used on a single crop. For
example, in 2002, 59% of lettuce crops received
herbicide treatment, 89% were treated with
insecticides, and fungicides were applied to 70% of the
acreage. Four different herbicides were applied to
more than 10% of corn acreage, and five different
insecticides were applied to more than 35% of total
lettuce acreage (U.S. Department of Agriculture 2003).
Potential pesticide mixing may also occur when crops
are intermingled. Even in regions that primarily grow
row crops, two to four crops in a rotation system are
common. In regions where fruit and vegetables are the
primary agricultural products, numerous crops may be
planted in a watershed, each with a unique mixture of
pesticides that may potentially contaminate surface
water and groundwater. In addition to agricultural
contributions, pesticides may be present in the
watershed from urban sources such as lawn and garden
care, domestic pest control, and golf courses.
Chemical analysis of surface water conducted by the
U.S. Geological Survey under the National Water
Quality Assessment Program indicates that pesticide
mixtures are contaminating surface waters. Streams
throughout the continental United States were tested
for 83 pesticides, 77 of which were detected in at least
one sample (Gilliom et al. 1999). Ninety-five percent
of surface water samples contained at least one
pesticide, and several high-usage herbicides were
frequently detected. For example, atrazine was
detected in 78% of surface water samples, and
metolachlor was detected 68% of the time. More than
50% of all stream samples contained five or more
pesticides (U.S. Geological Survey 1998). It is
therefore evident that we must consider mixtures to be
the most common exposure scenario when evaluating
the ecological effects of pesticides.

TOXICOLOGICAL INTERACTIONS OF
PESTICIDES
Pesticides can be classified in a variety of ways. In the

most general sense, they are grouped based on target
pests, e.g., insecticide vs. herbicide. In a more detailed
framework, pesticides are grouped into classes of
compounds that have similar chemical structures and
modes of toxic action. The term “mode of toxic
action” is defined in this paper as a series of key
processes that begins with the interaction of a pesticide
with a receptor site and proceeds through operational
and anatomical changes in an organism that result in
sublethal or lethal effects (EPA 2000a). An example of
a pesticide class is the organophosphate insecticides
(OPs) such as malathion, chlorpyrifos, and diazinon.
OPs contain phosphorus and are derivatives of
phosphoric and similar acids (Matsumura 1975). These
compounds inhibit the enzyme acetylcholinesterase
(AChE), a key enzyme that hydrolyzes the
neurotransmitter acetylcholine (Carlock et al. 1999).
Inhibition of AChE results in the accumulation of
acetylcholine and the overstimulation of cholinergic
receptors, which in turn overstimulates neurological
activity in the organism (Gallo and Lawryk 1991).
Many other insecticide families also exhibit
neurological activity. Carbamates, e.g., carbaryl and
aldicarb, are another class of insecticides that inhibit
AChE, the same enzyme targeted by the OPs (Baron
1991). Pyrethroids, e.g., permethrin and esfenvalerate,
are another widely used insecticide class that also
causes neurological damage, but at a different target
site (Leahey 1985). These insecticides are potent
sodium and potassium channel blockers that produce
subtle changes in the channel's function, causing
repetitive neuronal discharge (Soderlund et al. 2002).
Other classes of insecticides such as stomach poisons
and a number of different insect growth regulators
have completely different modes of toxic action. The
designed mode of toxic action between pesticide
groups, e.g., herbicides and insecticides, is almost
always different. Often, the toxicity caused by
insecticides to plants or by herbicides to animals is
through secondary modes of toxic action that are not
clearly understood.
An important concept in examining pesticide mixtures
is deciphering the language of chemical interactions.
This can be a daunting task, because many terms are
used interchangeably in the literature. In this paper, the
term “additivity” is used when the effect of the
combination of chemicals can be estimated directly
from the sum of the concentrations, (concentration
addition) or the sum of the responses (response
addition). Sometimes the toxicity measured when
performing a study does not match the model used to
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calculate additivity because of chemical-chemical
interactions; toxicokinetic interactions such as uptake,
biotransformation, distribution, and elimination; or
toxicodynamic, e.g., receptor site, interactions. This
shift is best referred to either as less than additive
toxicity, e.g., antagonism, or greater than additive
toxicity, e.g., synergism.
Knowledge of a chemical's mode of toxic action is
essential in understanding how mixtures may act
jointly. For example, if two organophosphate
insecticides (OPs) are applied together, it is expected
that they will both inhibit AChE, thus working jointly
at the same receptor site, and that their effects would
be additive. To calculate their combined effect, the
applied concentrations must first be normalized
(Bailey et al. 1996). This is generally accomplished by
using the concentration addition method. In this ideal
case, the pesticides are assumed to behave similarly in
terms of their primary toxicokinetic and
toxicodynamic processes.
One of the most common methods of assessing
concentration addition is to use toxic units (TU), and
this approach was chosen for several reasons. First, it
is a straightforward method that requires little training.
Second, the only information that is necessary about
the dose-response relationship is the concentration that
causes the effect of interest, for example, lethal
concentration 50 (LC50), which is defined as the
external media concentration that causes 50% lethality
in a test population. Other models would require a
knowledge of the entire dose-response curve, which
has not been historically reported in the literature.
As described by Faust et al. (1993), toxic units are
calculated for a two-component mixture using the
formula:
x1/LC(X1) + x2/LC(X2) = TU

(1)

In this equation, x1 and x2 are the concentrations of
mixture components X1 and X2, and LC(X1) and LC(X2)
are the effect concentrations of the individual
compounds that produce the same effect measured in
the mixture test. This formula has been extended in
previous studies to include any number of components
(Berenbaum 1985). Using the TU approach, a shift
from additivity has been described quantitatively by
testing multiple levels of the mixture and assigning
each test concentration a TU value. The TU values are

regressed against the effect observed using standard
log-probit procedures. The effect level originally used
to calculate the TU is entered into the regression, for
example, 50% if an LC50 was used. The value
corresponding to this effect is the TU determined for
the mixture. If this value is equal to 1.0, the joint
action is additive; if the value is less than 1, the joint
action is greater than additive; and if the value is
greater than 1, the joint action is less than additive.
The TU value calculated by this approach can be
multiplied against the effective concentration to obtain
a “corrected” value for the mixture combination. For
example, if the TU equals 0.5 and the LC50 value for
compound A is 2.0 µg/L, the corrected LC50 is
estimated to be 1.0 µg/L. This calculation is useful in
evaluating the risk of the mixture as compared to the
variability found in intra- and interspecies toxicity
testing.
If compounds exhibit completely different modes of
toxic action, they may exhibit no interaction at all. For
example, if a metal or herbicide co-occurs with an
insecticide, the modes of toxic action may differ. In
this case, the joint toxicity may occur as independent
action (response addition). Independent action is
different from concentration addition in that it does not
assume similar toxicokinetics or similar modes of
toxic action or that the concentration-response curves
have similar shapes. Under independent action, the
pesticides in the mixture are assumed to behave
independently of one another, so that the organism's
response to the first pesticide is the same whether or
not the second pesticide is present. Independent action
indicates that the toxicity of the compounds is
predicted to occur based on simple probability
statistics. If a concentration of compound A generally
kills 25% of the organisms and a concentration of
compound B kills 25% of the organisms, then the two
concentrations of compounds A and B combined
would result in their individual effects added together,
minus that portion of the population in which
sensitivities overlap. The following equation shows
this relationship for a binary mixture; the effects are
entered as proportions:
Mixture Effect = Effect of Compound A + Effect of
Compound B - (Effect of Compound A * Effect of
Compound B)

(2)

Therefore, in our example, the combination would
result in less than 50% effect (43.8%). In some
combinations, the sensitivities to the compound may
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completely overlap or not overlap at all because of the
genetic makeup of the population. Although Bliss
introduced independent action into pharmacological
literature as early as 1939, few ecological studies have
investigated the concept (Faust et al. 2003).
One of the complications in using either of these
models to estimate toxicity is that few pesticide
combinations have exactly the same mode of toxic
action. On the other hand, few combinations act
completely independently. It has been suggested that
the joint action of chemicals is a spectrum of
interactions with these two perfect cases as the
extremes (Broderius and Kahl 1985). The following
hypothetical cases of OPs occurring with other
pesticides are discussed to clarify this point. If two
OPs are jointly applied, they have very similar modes
of toxic action. However, although OPs and
carbamates share the same receptor site, they may
have very different affinities for the receptor. By the
same token, although OPs and pyrethroids are both
neurotoxins that can increase neuronal depolarization,
they have different enzyme targets. In contrast, OPs
and herbicides have completely different modes of
toxic action, yet they may overlap at an organ or
system level or through a baseline narcotic effect.
A second complication to using the concentration
addition (TU) and independent action methods to
estimate toxicity is that these models account only for
interactions at the target sites, e.g., toxicodynamics. In
many cases, a jointly acting chemical can influence the
toxicokinetics of the other compound. Many pesticide
formulations take advantage of this property. For
instance, piperonyl butoxide (PBO) is used as a
synergist for pyrethroid insecticides (Casida 1970).
Although PBO itself has little insecticidal activity, it
inhibits cytochrome P450-dependent mixed-function
oxidases (P450s). Inhibition of P450s can prevent the
biotransformation and elimination of pyrethroid
insecticides, thereby enhancing and/or prolonging the
toxic response of the targeted host and increasing
toxicity > 300-fold (Ando et al. 1983). In this case, the
effect of PBO is referred to as “potentiation,” an effect
that occurs when a component of the mixture, although
not toxic by itself, increases the toxicity of one or
more of the other compounds in the mixture.
Conversely, PBO decreases the toxicity of many OP
insecticides that require oxidative transformation to
become toxic. For OPs that require bioactivation, PBO
actually decreases toxicity (Bailey et al. 1997).
Pharmacologically, the effects of PBO may not be

entirely via P450, but may alter the action of other
enzymes or even the penetration of the active
compound into the organism.
We have attempted to provide a brief overview of the
basic terminology and concepts necessary to discuss
pesticide toxicology and the interactions of chemical
mixtures. As previously noted, two main methods are
used to interpret chemical interactions: concentration
addition, e.g., TU, and independent action, e.g.,
response addition. These models both have advantages
and disadvantages associated with their use and
application (George et al. 2003). However, an
underlying problem with the application of these
models is a general lack of understanding of the mode
of toxic action of chemical interactions. As a result,
our ability to predict and understand observed toxicity
from chemical mixtures, especially across compound
classes, is greatly impaired. As our understanding of
these complex interactions increases, so will our
ability to select and apply the appropriate method for
study design and data interpretation.

TOXICITY OF PESTICIDE MIXTURES
Toxicity studies involving pesticide mixtures have
resulted in a full spectrum of responses in which the
complexity of the interactions depends on differences in
the chemical properties and modes of toxic action of the
pesticides. Studies that examine the effects of pesticides
from the same class are usually the easiest to interpret,
because the observed effects are often additive in nature.
For example, Bailey et al. (2000) observed that the
organophosphate insecticides (OPs) chlorpyrifos and
diazinon were strictly additive in their toxicity toward the
cladoceran Ceriodaphnia dubia in toxicity studies
performed in natural, storm-, and laboratory waters
(Bailey et al. 1996,1997). Additive effects were also
noted in the aquatic midge (Chironomus tentans) when it
was exposed to binary mixtures of several OPs, including
chlorpyrifos, azinphos methyl, methidathion, and
diazinon (Lydy and Austin 2004). Faust et al. (1993)
found concentration additivity for binary mixtures of the
s-triazine herbicides atrazine and cyanazine in
reproductive tests with the green alga Chlorella fusca.
The mode of toxic action for these herbicides is to
interrupt the electron transport chain in photosytem II.
Finally, the additivity of acetylcholinesterase (AChE)
inhibitors has been shown with C. dubia dosed with the
carbamate insecticide carbofuran and the OPs methyl
parathion and malathion (Norberg-King et al. 1991).
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Understanding toxicity across chemical classes with
slightly different modes of toxic action is more
challenging. However, we still have some
understanding of what processes cause the observed
toxic responses. For example, Pape-Lindstrom and
Lydy (1997) found an additive toxic response in
midges exposed to two neurotoxicants, the
organochlorine insecticide methoxychlor and the OP
methyl parathion. Faust et al. (1994) found that
herbicides with different modes of toxic action were
generally additive in nature in binary combinations in
algae. Twenty-four of the combinations were additive;
two combinations exhibited greater than additive
toxicity, i.e., observed EC50 (the molar concentration
that produces 50% of the maximum possible response)
values were 25–30% lower than expected; and two
combinations exhibited less than additive toxicity, i.e.,
observed EC50 values were 138–200% of the expected
value.
The effects of simultaneous pyrethroid insecticide and
OP exposure have also been studied by a number of
researchers (Tripathi and Agarwal 1998, Moreby et al.
2001, Denton et al. 2003). Given that P450-activated
OPs will inhibit esterases, thus decreasing an
organism's ability to detoxify pyrethroids, greater than
additive toxicity is often observed. Denton et al.
(2003) demonstrated that exposure to esfenvalerate
and diazinon resulted in greater than additive toxicity
in fathead minnows. Similar toxic effects have been
observed in exposures to pyrethroids and carbamates.
Permethrin and the carbamate propoxur elicited
greater than additive toxicity in the mosquito Culex
quinquefasciatus (Corbel et al. 2003). These greater
than additive effects were attributed to the
complementary modes of toxic action of these two
insecticide classes, which act on different components
of nerve impulse transmission.
Our predictive ability begins to break down when we
examine the toxic effects of chemicals from different
classes with completely different modes of toxic
action, e.g., insecticides with herbicides, or pesticides
with other stressors. Research on the impacts of these
mixtures on organisms has yielded mixed results. For
example, no toxic interaction was noted when C.
tentans were exposed to a binary mixture of the
triazine herbicide atrazine and the carbamate
insecticide carbofuran (Douglas et al. 1993). The joint
toxicity of the OP diazinon and ammonia was
examined in C. dubia using 48 h acute toxicity tests
with dosed water and effluents containing both

stressors (Bailey et al. 2001). The results indicated a
less than additive response for the binary mixture in
both laboratory-dosed and effluent samples. In a
separate study using C. dubia, Banks et al. (2003)
found less than additive responses for binary mixtures
of diazinon and copper. In other studies, greater than
additive responses have been noted. For example,
several researchers have found that triazine herbicides
can potentiate the effects of some OPs (PapeLindstrom and Lydy 1997, Belden and Lydy 2000,
Anderson and Lydy 2002, Lydy and Linck 2004). The
greater than additive responses noted in these studies
actually represent a potentiation effect, because the
herbicides were not acutely toxic to the study
organisms. The magnitude of this potentiation depends
greatly on the concentration and type of triazine
herbicide and OP tested. In the terrestrial system,
atrazine increased the toxicity of chlorpyrifos to the
earthworm Eisenia fetida by a factor of seven (Lydy
and Linck 2004), whereas, in aquatic systems, 200
µg/L of atrazine increased the toxicity of chlorpyrifos
up to a factor of four (Belden and Lydy 2000).
Environmental studies rarely investigate the
toxicokinetic and toxicodynamic processes involved in
the joint toxicity of pesticides. An exception is the
effort to better understand the mechanism by which
triazine herbicides potentiate OP toxicity. PapeLindstrom and Lydy (1997) suggested that atrazine
increased the biotransformation of OPs by converting
them into more toxic O-analog metabolites.
Organophosphorothioate insecticides require oxidative
activation by cytochrome P450 enzymes to their
corresponding oxon analogs, which are much more
potent AChE inhibitors than the parent compound.
These authors further suggested that atrazine might be
accomplishing this metabolic activation by inducing
the cytochrome P450 enzymes responsible for the
conversion. Previous studies have supported this
hypothesis by demonstrating that biotransformation
enzyme complexes can be induced by atrazine
exposure in a variety of invertebrate and vertebrate
species (Egaas et al. 1993). Miota et al. (2000) further
validated this hypothesis when they showed the
induction of a 45 kDa protein in atrazine-treated
midges, and Belden and Lydy (2000) did the same by
demonstrating that atrazine-treated midges transform a
greater amount of chlorpyrifos to the oxon form than
do unexposed midges. The intensity of this atrazineinduced protein was representative of the proteins
associated with the heme-thiolate membrane within
the 45 kDa molecular-weight enzyme system. This
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enzyme system plays a key role in the metabolism of a
wide variety of endogenous and exogenous substances
in insects (Miota et al. 2000). It is clear from these
studies that toxicokinetic processes such as
biotransformation are important in determining the
toxicity of some pesticide mixtures.
When large numbers of chemicals are included in the
mixture experiments, an additive response is typically
found (Broderius and Kahl 1985, Altenburger et al.
2000). For example, Broderius and Kahl (1985) found
additivity using the concentration-addition model
when they examined the acute toxicity of large
mixtures of organic chemicals in fathead minnows
(Pimephales promelas). Currently, regulatory agencies
support the concentration addition model when
assessing the joint acute toxicity of large numbers of
chemical mixtures on aquatic biota because additivity
is assumed, which simplifies the calculations.
This review has so far focused on the effects of
chemical stressors in combination with other chemical
stressors. However, aquatic ecosystems exhibit a
myriad of physical and biological variables that would
need to be included along with the chemical stressors
to more accurately model real environmental exposure
scenarios. For example, using a bacterial
bioluminescence inhibition assay, Benson and Long
(1991) showed that humic acids significantly reduced
the toxicity of some AChE inhibitors, e.g., azinophosmethyl, chlorpyrifos, and carbofuran, while enhancing
the toxicity of others such as methyl parathion and
carbaryl (Benson and Long 1991). Temperature has
been demonstrated to have an inverse effect on
pyrethroid toxicity, which increases at lower
temperatures (Mahboob et al. 1999, Motomura and
Narahashi 2000). Conversely, Lydy et al. (1990)
reported increases as high as 100-fold in the toxicity of
the OP parathion at higher temperatures. Herbranson
et al. (2003a,b) examined the effects of suspended
solids on carbofuran toxicity to Daphnia magna and
found no measurable toxicity associated with exposure
to suspended solids at a wide range of concentrations.
However, when exposed to a constant concentration of
carbofuran, the number of affected organisms
increased with increasing concentration of suspended
solids. The authors speculated that the suspended
solids were either decreasing the caloric intake of the
D. magna because of a dilution effect or that ingestion
of the solids was causing the D. magna to sink, which
forced them to expend significantly more energy to
maintain proper buoyancy. In turn, this increased

energy expenditure made the D. magna more
susceptible to the carbofuran toxicity.
Many toxicity studies are performed with an excess
food source, which can significantly affect the
experimental outcome. It is possible that low food
density may result in increased toxicity. Barry et al.
(1995) showed that esfenvalerate toxicity to D.
carinata increased significantly with decreasing food
concentration. The converse is also possible in that
increased food density can result in decreased toxicity.
For example, Herbrandson et al. (2003a,b) showed
that increased food availability significantly reduced
carbofuran toxicity to D. magna. However, the
mechanism behind these observations is difficult to
interpret, because the observed effects could be the
result of changes in either organism fitness or toxicant
concentration caused by sorption to the food source.
Taken together, these results show that the
experimental effects of changing food concentrations
cannot be easily predicted even though they can
significantly affect toxicity. Consequently, attempts to
perform toxicity studies that model realistic
environmental exposure scenarios should account for
variables such as temperature, food availability, etc.
The inclusion of multiple variables can make data
interpretation difficult. Although the joint action of
pesticides is often additive, there are many reports of
less and greater than additive toxicity. When
interpreting data involving this joint action, it is
important to understand that the magnitude of the
deviation from additivity is also important. For
instance, in some studies, pesticide interactions were
reported when changes in toxicity of less than 30%
occurred. This deviation may be real, but it is not
significant if this much variation is likely to exist
between different cultures of the same organism
(intratest variability). However, when toxicity changes
by larger factors, the assumption of additivity could
lead to poor estimates of environmental impact.
Because of the complex interaction of pesticides
within an organism, nearly every combination would
deviate from additivity to some degree if enough
statistical power were used. Currently, no consensus
has been reached regarding the magnitude of deviation
from additive that is important.
It is not realistic to physically test every combination
of pesticides found in the environment. For example,
with a simple mixture of only 20 pesticides, there are
190 pairs and more than a million possible
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combinations
involving
pairs,
triples,
etc.
Consequently, there is a need for simple models that
can easily predict the toxicity of complex mixtures. As
previously discussed, several mixture models that take
concentration addition and independent action into
account are available to accomplish this task.
However, these models are based on statistical
concepts of interaction. Other models have been based
on the physical and chemical properties of the
pesticides, such as the octanol/water partition
coefficient, and derive toxicological end points, e.g.,
impaired reproduction or death, through a quantitative
structure activity relationship (QSAR) approach
(Hansch et al. 1995, Comber et al. 2003). The use of
QSARs can significantly reduce the amounts of time
and resources spent on toxicity studies. However, an
important limitation in many of the QSAR models
generated to date is that they were developed using
homogeneous mixtures (Escher and Hermens 2002). It
is unrealistic to expect QSAR models to be able to
predict the toxicity of chemical mixtures across
multiple classes. Their usefulness is limited to
examining relationships among compounds with a
high degree of structural similarity and/or similar
mechanisms of action. Future QSAR studies on
chemical mixtures should address the effects of
realistic exposure scenarios and multiple species upon
toxicity. There are numerous articles in the literature
that examine the use of QSARs to predict toxicity, but
it is beyond the scope of this paper to review them all
(Blum and Speece 1990, Nendza and Russom 1991,
Nendza et al. 1995, Yang et al. 1998, Gramatica et al.
2001, Altenburger et al. 2003, Bradbury et al. 2003,
Vighi et al. 2003).

REGISTRATION PROCESS UNDER FIFRA
Prior to reaching most world markets, pesticides must
be legally registered to ensure that they are safe. In the
United States, the U.S. Environmental Protection
Agency, hereafter referred to as the EPA, registers
pesticides under the Federal Insecticide, Fungicide
and Rodenticide Act (FIFRA) and the Federal Food,
Drug and Cosmetic Act. The registration process
includes product efficacy assessments, assessments of
risks to human health, and, more relevant to this paper,
ecological risk assessments (EPA 1997). During the
process of conducting ecological risk assessments
(ERAs), the expected environmental concentration of a
single pesticide is compared to a broad spectrum of
toxicological end points for several organisms.
Currently, the EPA does not formally assess pesticide

mixtures or any form of multiple stressors within
ERAs.
Evaluating the effects of pesticide mixtures in ERAs
will prove to be challenging. First, as previously
discussed, we have a limited understanding of the joint
action of pesticides even within a single species.
Understanding the joint action of pesticides that may
occur for the diversity of organisms protected by an
ERA, which may involve entire ecosystems, is an
immense task. Second, before evaluating the joint
action of pesticide mixtures, it will be necessary to
define which chemicals are present, the concentrations
at which they are detected, and the types of temporal
trends expected in their occurrence. With regard to the
regulation of pesticides, two situations occur: initial
registration, i.e., the evaluation of new pesticides, and
the re-registration of pesticides registered prior to
November 1984 (EPA 2000a).
When new pesticides enter the market, usage patterns
and environmental occurrence may only be projected.
Actual testing of all pesticide combinations would be a
daunting if not impossible task that is not
economically feasible. However, the landscapes where
the pesticide is expected to be applied may help to
determine the potential mixtures that may occur. These
landscapes would best be evaluated at a regional scale
using spatial and temporal occurrences to estimate the
probabilities of co-occurrence. Testing of likely
mixtures may then be conducted prior to initial
registration. In some landscapes, this may be a
manageable task. For instance, a new pesticide applied
to corn may have a limited number of co-occurring
pesticides in a landscape with primarily corn/soybean
rotation. However, the same pesticide applied to
vegetables in the San Joaquin Valley in California
could involve many more co-occurring pesticides
(Gronberg et al. 1998). This approach may be the most
feasible way to assign priorities to pesticide mixtures.
The re-registration process also considers the effects of
pesticides on human health and the environment. For
most compounds in the re-registration process,
including atrazine and many organophosphate
insecticides (OPs), a large amount of research has been
conducted on their environmental fate and effects.
Because of the availability of larger databases on these
pesticides, re-registration may provide an opportunity
to assess the toxicity resulting from potential chemical
interactions. In other words, for an existing pesticide
undergoing re-registration, occurrence data from
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monitoring programs such as the National Water
Quality Assessment Program and from environmental
fate studies available to the EPA could be used to
characterize the mixtures associated with the regional
or crop-based landscapes for that pesticide.
Subsequently, mixture studies could be conducted and
used in the re-registration process. Re-registration may
provide an opportunity to update pesticide test
procedures to include some relevant mixture toxicity
testing. Because the re-registration process has several
possible outcomes, e.g., the EPA can order reduced
application rates, mandatory best management
practices, or changes in the pesticide formulation,
pesticide registration could then be adjusted to take
into account the potential impacts of pertinent
mixtures.
To date, few pesticide registrations have included the
potential effects of pesticide mixtures. In the
conditional
registration
of
acetochlor,
a
chloroacetanilide herbicide, the EPA required an
overall reduction in herbicide usage on corn for the
product's
registration
to
continue
(see
http://www.epa.gov/oppefed1/aceto/index.htm).
Although this technique helps prevent the addition of
extra pesticide loads into the environment, it does not
directly link the registration of a compound to mixture
toxicity.
Additionally, the EPA has set a precedent in
evaluating pesticide mixtures in terms of human health
assessments. In response to the 1996 Food Quality
Protection Act (EPA 2003), the EPA is conducting
cumulative risk assessments of several groups of
pesticides. Each group has been defined based on
specific “common mechanisms of toxicity.” The EPA
uses the concept of a “risk cup” to determine the
acceptable amount of risk associated with the use of a
class of pesticides. The determined risk for a
compound such as an OP is determined and “placed”
into the risk cup. Each accepted registration of a
compound with a similar mechanism of action, e.g.,
additional OPs, is then added to the cup. Once the cup
is full, no new registrations are allowed. Currently
identified groups for which the risk cup is being used
include OPs, selected triazine herbicides including
atrazine and related metabolites and herbicides, Nmethyl-carbamates, thio- and dithiocarbamates, and
chloroacetanilide herbicides including metolachlor,
alachlor, and related compounds. In the current
approach, each compound is assigned a hazard index
that is a measure of the relative potency factor of each

OP. This technique is similar to the toxic unit (TU)
approach previously discussed, and additive results are
assumed. In addition, safety factors are imposed based
on the number of pesticides involved and the potential
sensitivity of children. Although this process provides
a first step in evaluating exposure to pesticide
mixtures, only tightly defined groups are considered to
have joint action, e.g., only OPs. This approach might
not be very effective in coping with more complex
mixtures in the environment, because joint exposures
to pesticides often have less than or greater than
additive effects, regardless of the mode of toxic action.
Ultimately, each of these regulation methods suffers
because our poor understanding of the mechanisms of
chemical mixtures results in poor predictive ability.
More research devoted to the mode of toxic action of
individual compounds as well as chemical mixtures
and their effects on nontarget organisms is needed to
develop better techniques for predicting the joint
action of pesticides. Until we have improved
techniques that enable us to evaluate the joint action of
pesticides prior to usage, our only ecological
protection from mixtures depends on testing surface
water for toxicity.

REGULATORY AND RESEARCH ACTIONS
FOR ADDRESSING PESTICIDE MIXTURES
The federal Clean Water Act (CWA) was enacted with
the objectives of “restoring the chemical, physical and
biological integrity of the Nation's waters.” The CWA
prohibits the discharge of pollutants in toxic amounts.
Although the CWA initially resulted in the regulation
of point-source discharges, the act has recently
become important for nonpoint-source contamination
as well. Based on the stated goals of the CWA, the
U.S. Environmental Protection Agency (EPA) and
individual states take three approaches to protecting
water quality. These approaches include chemicalspecific limits for the 126 priority pollutants, toxicity
testing, and biological criteria/bioassessment (EPA
1991). In addition to introducing each of these
approaches to the reader, we will examine their
potential for assessing mixtures. A key distinction
between the CWA and the Federal Insecticide,
Fungicide and Rodenticide Act (FIFRA) is that the
CWA does not consider benefit when examining risk,
whereas FIFRA makes a risk/benefit-based decision.
The chemical-specific approach involves the
development of water quality criteria (WQC) for each
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chemical and is designed to protect most of the tested
species most of the time. WQC are developed based
on the results of both acute and chronic toxicity testing
with the specified numbers and types of aquatic
species following standard EPA water quality
guidelines (Stephan et al. 1985). Although the EPA
has developed water quality criteria for priority
pollutants as required under CWA Section 304, only
nine of the priority pollutants are pesticides, and those
include mostly organochlorine insecticides of limited
current use, such as dichlorodiphenyltrichloroethane
(DDT) and endosulfan. However, these guidelines will
not protect against mixtures of pesticides with
unknown interactions or chemicals that do not have
any chemical-specific criteria. For this reason, it may
be necessary to add conservative safety factors in areas
where there are gaps in the data. The EPA is currently
in the process of updating and revising its 1985
Guidelines for Deriving Aquatic Life Criteria. It is
expected that these new and revised guidelines will
cover several new issues such as nontraditional end
points, threatened and endangered species, and
bioaccumulative chemicals. Chemical mixtures are
one of the issues that the guidelines do not currently
address, but they may be incorporated in the near
future. These limitations demonstrate the importance
of toxicity testing and bioassessment assessments in
the overall evaluation of aquatic resources.
Toxicity testing can be used to assess the effects of all
the chemical stressors in aqueous samples such as
effluents, receiving waters, or stormwater runoff. This
allows the effect of a mixture to be evaluated, rather
than the toxic responses of individual chemicals.
Toxicity tests can be used to assess ambient water
bodies such as receiving water, making them an
effective tool in the assessment of small and large
watersheds (de Vlaming et al. 2000). For example, the
State of California has successfully used an ambient
toxicity testing approach to identify and regulate
frequently occurring toxic chemicals. The approach
includes pinpointing integral sampling locations and
collecting ambient waters to be assessed using both
acute and chronic toxicity tests (Foe and Sheipline
1993, Foe 1995, Kuivila and Foe 1995, de Vlaming et
al. 2000). If toxicity is detected at a site, additional
samples are collected to determine the spatial and
temporal toxicity patterns. The EPA's Toxicity
Identification Evaluation (TIE) protocols are then used
to identify the causative toxicant or toxicants
(Nordberg-King et al. 1992, EPA 1993a,b). The goal
of a TIE is to identify the chemical(s) causing toxicity

in an aqueous sample. This approach has led to the
listing of chemicals in addition to the 126 priority
pollutants commonly tested; one such addition is the
pesticide diazinon, which is not a priority pollutant
(State Water Resources Control Board 2000).
Therefore, the approach of toxicity testing in
conjunction with TIE analysis may be used to check
for chemicals that are greater than additive in nature.
The primary advantage of the bioassessment approach
is that it integrates effects from both physical and
biological stressors on aquatic biota. Biological
assessments are based upon the premise that the
structure and function of an aquatic biological
community can provide critical information about the
quality of the surface water. The bodies of water being
evaluated are assessed and compared to predetermined
criteria for impairment and nonattainment of a
designated use. The use of the stressor identification
process is a method for identifying biological and
physical stressors of the impaired body of water (EPA
2000b).
If a body of water is impaired as measured by any of
these three approaches, e.g., the WQC are not attained,
the CWA requires that the impaired bodies of water be
listed on the State's 303(d) list and that a total
maximum daily load (TMDL) be developed to address
the pollutant(s) causing the impairment. The TMDL is
a written, quantitative assessment of water quality
problems and pollution sources. For waters that do not
meet state water quality standards, it specifies the total
concentration by which each pollutant must be reduced
to meet the standard for that body of water. This
provides the basis for the actions to be taken to restore
the water to its designated use. The TMDL may
require additional actions such as a discussion of
alternative pesticides and/or the development of best
management practices (BMPs) that may involve buffer
strips, constructed wetlands, vegetated drainage
ditches, etc., to minimize off-site movement of
pesticides. BMPs such as drainage ditches are
important for reducing not only the targeted pesticide
for the TMDL development but other stressors of
aquatic organisms as well, such as nutrients,
sediments, and other pesticides (Moore et al. 2001,
Cooper et al. 2002). The consideration of chemical
mixtures is important, because regulatory TMDLs are
typically developed for a single chemical in a body of
water, although it is likely that a mixture of chemicals
exists. Potential effects of chemical mixtures in bodies
of water could be considered during the numeric target
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selection, margin of safety components of the TMDL
development, and/or the implementation phase.

CONCLUSIONS
In this paper, we have attempted to summarize some
of the issues related to the toxicity of pesticide
mixtures. In general, mixture studies are difficult to
perform and are further complicated by the fact that
the observed interactions are often not predictable
given our current knowledge of the toxicokinetic and
toxicodynamic processes involved. The combined
effects of pesticides within the same class can be
predicted fairly well based on our understanding of the
mechanism of toxic action of these pesticides.
However, the effects of across-class mixtures of
pesticides, such as the triazine herbicides and
organophosphate insecticides, are more difficult to
predict and understand. The issues involved in
examining the effects of chemical mixtures are going
to continue to increase in complexity as additional
chemicals are introduced. New generations of
pesticides such as spinosyns (Sparks et al. 2001) and
genetically modified organisms are being developed
that will further complicate the issue of chemical
mixtures.
We have also attempted to highlight some of the
regulatory issues associated with pesticide mixtures.
Current regulations do not adequately allow for greater
than additive toxicity, and even the risk cup approach
of the Food Quality Protection Act, which was
designed to address mixtures of pesticides with a
similar mechanism of action, fails to address chemical
synergism and the effects of mixtures of pesticides
from multiple classes. It will most likely fall upon
researchers to determine the limitations of current
toxicity testing paradigms before regulatory agencies
are able to act.
It never will be practical to perform toxicity studies on
every combination of pesticides under all exposure
scenarios. Therefore, it is important that studies be
designed for maximum data extraction. This might be
achieved through the use of quantitative structure
activity relationships (QSARs) that relate chemical
properties to toxicity and allow extrapolation to
untested chemicals. However, the current level of
QSAR models indicates that this approach is not
suitable for estimations across chemical classes or for
chemicals of dissimilar chemical structure. Further
developments will most likely be needed in QSAR

methods before these models for predicting the
toxicity of chemical mixtures become widely
applicable. In addition, full concentration-response
relationships should be reported, even in singlecompound toxicity tests. As mixture models improve,
more precise data throughout the toxicity range could
be required. Finally, more research on pesticide mode
of toxic action and secondary physiological effects
caused by pesticides would provide a platform for
understanding the physiology of mixture effects, lead
to better predictive models, and allow for rational
experimental design. The recent increase in the
number of papers addressing this issue shows that the
scientific community is aware of the problem, and we
expect to see an even greater number of studies in the
future addressing issues raised in this paper. It is
expected that future studies will continue to highlight
the importance of examining the toxicity of chemical
mixtures in addition to single compounds. We believe
that these types of studies are critical for realistic
estimations of toxicity, because rarely are organisms
exposed to only a single chemical in the field.

WHAT ARE THE MAJOR CHALLENGES
IN REGULATING PESTICIDE MIXTURES?
We conclude with a list of what we consider to be the
major challenges in working with pesticide mixtures.
This does not represent a comprehensive list of
challenges, but will hopefully stimulate additional
dialogue among scientists.
1. If two compounds have an interaction, which
chemical is to blame? For instance, in the
triazine work, atrazine increases the toxicity of
chlorpyrifos. Should this be considered in
registration decisions for both compounds?
2. Is the assumption of additivity protective for
most bodies of water, most of the time? What
degree of deviation from additivity is
important?
3. Guidelines in human health assessments
recommend combining similarly acting
compounds into a single risk cup. What are the
criteria for “similar” modes of toxic action?
4. Pharmacologically, we have reason to believe
that similarly acting compounds would be best
modeled using concentration addition
techniques and that dissimilarly acting
compounds would be best modeled using
independent action techniques. However,
because the true toxicological mode of toxic
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5.

6.

7.

8.

action is rarely known for a given mixture or
even for most of its components, we are often
uncertain which model to use. What steps are
necessary to choose the correct model? Are
either of these models appropriate, or do we
need a new model that encompasses both
techniques?
The order of exposure to each pesticide can
affect
the
toxic
response,
e.g.,
organophosphate pesticides and triazine
herbicide mixtures. We must not only
recognize that a mixture has occurred, but we
must also understand the dynamics of the
chemicals in the system and how temporal
variations influence the toxicity of mixtures.
The large numbers of chemicals and varying
exposure routes in the environment make
testing each possible exposure scenario
unreasonable. Is it possible to assess the
mixture effects of a few high-priority mixtures
and develop extrapolation models for the
remainder using the available data on the
mixture components or similar mixtures?
What is the priority for choosing the chemical
mixtures to test? Should we pick those
chemicals
with
high
environmental
occurrence, such as atrazine, or choose diverse
compounds that will help us understand how
to model mixture effects?
For many mixtures that exhibit greater than
additive toxicity, the mechanism is a change in
toxicokinetics induced by one compound.
Based on this information, could we develop
screening assays for compounds to identify
their potential role in this type of interaction?

The ultimate challenge in aquatic toxicology is
understanding the dynamic world that organisms
encounter. Beyond pesticides, they are exposed to
many other chemical stressors, and have to survive
biological and physical stressing agents at the same
time. It is naïve to assume that these stressors do not
interact. However, until we better understand the
biology of aquatic systems, from the molecular to the
ecosystem level, we will continue to struggle to predict
the existence and significance of chemical interactions.
Responses to this article can be read online at: http://www.
ecologyandsociety.org/vol9/iss6/art1/responses/index.html
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